Loss of genetic diversity in natural populations as a result of chemical contamination has been reported in some studies. Here, four field populations of Daphnia longispina, two from sites historically impacted by acid mine drainage (AMD) and two from reference sites, were used to address four objectives: (1) identify differences in sensitivity between the stressed and reference populations; (2) distinguish between the components responsible for those differences (environmental influence vs genetic determination); (3) determine if genetically determined responses of reference and stressed populations converge from lethal to sublethal levels of contamination; and (4) evaluate losses of variability in genetically determined resistance by the stressed populations. Lethal and sublethal assays were carried out by exposing nonacclimated and acclimated neonates to AMDcontaminated waters and to copper dissolved in an artificial medium. Results indicate that both nonacclimated and acclimated individuals from the stressed populations are significantly less sensitive to AMD-contaminated waters than those from the reference populations, at both lethal and sublethal levels. The hypothesis of a convergence from lethal to sublethal responses was confirmed. r
Introduction
Predicting how natural communities respond to contamination is an important aim of ecotoxicology bioassays. Such bioassays are usually carried out using groups of standard organisms cultured and tested under controlled conditions, thus minimizing the influence of genetic and environmental factors on the measured effects. However, extrapolation from laboratory results to field responses requires the understanding of how such factors can affect the response of natural populations. Many studies have reported differences in sensitivity to contamination between clones or populations of the same species, namely, in cladocerans (Grothe and Kimerle, 1985; Baird et al., 1990a Baird et al., , b, 1991 Soares et al., 1992; Reinikainen et al., 1998) , amphipods (Howell, 1985; France, 1987; Maltby and Crane, 1994) , isopods (Brown, 1978; Maltby et al., 1987) , and gastropods (Lam and Calow, 1989; Forbes et al., 1995; Lam, 1996) . At the population level, three scenarios could explain an increased average tolerance to contamination: (1) the occurrence of environmentally induced physiological alterations in the individuals, which would not yield to shifts in the genetic structure of the population; (2) the elimination of sensitive individuals, which would reduce the genetic variability of the population through genetic erosion; and (3) the appearance and spread of a new gene or a new combination of genes underlying a new or a more efficient resistance mechanism, which would enlarge the amplitude of responses through the appearance of new genotypes. The latter two scenarios involve changes in the gene frequencies in the population, i.e., a microevolution process. Furthermore, and according to the convergence hypothesis, genetically determined variability tends to converge from lethal to sublethal responses, i.e., from strongly to moderately toxic levels of contamination. This follows, because at high contaminant concentrations lethal responses are likely to involve fewer and more specific mechanisms (e.g., inhibition of a particular enzyme, metallothionein detoxification) (Posthuma and van Straalen, 1993; Taylor and Feyereisen, 1996) than sublethal responses to low concentrations, where many genes may regulate complex general responses closely linked to fitness, such as behavioral and energy allocation shifts Allen et al., 1995) . Thus, genetic variation in sublethal responses, which is under continuous directional selection, is expected to be lower than for lethal responses, where the selection regime may only act intermittently across generations.
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The main objectives of this study were: (1) to quantify differences in sensitivity to chemical stress between populations living in reference and historically contaminated sites; (2) to determine if those differences were due to acclimatization and/or microevolutionary phenomena; (3) to determine if genetically determined resistance by reference and stressed populations converges from lethal to sublethal levels of contamination; and (4) to evaluate the genetic erosion in stressed populations, i.e., the amplitude decrease in the variability of genetically determined resistance.
Field populations of the cladoceran Daphnia longispina stressed by acid mine drainage (AMD) were selected to carry out this study. Daphnids are ideal organisms to study acclimatization versus genetically determined responses as they exhibit facultative asexual reproduction by ameiotic parthenogenesis. Two reference and two historically stressed populations were sampled and studied.
Several studies have reported the development of tolerance to heavy metals by aquatic organisms, namely, bacteria (Pickaver and Lyes, 1981; Honor and Hilt, 1985; Nies and Silver, 1995) , algae (Kuwabara and Leland, 1986), annelids (Lucan-Bouche´et al., 1999) , mollusks (Lam, 1996) , crustaceans (LeBlanc, 1982; Stuhlbacher and Maltby, 1992; Stuhlbacher et al., 1993; Maltby and Crane, 1994) , and insects (Groenendijk et al., 1999) . Specifically for cladocerans, acclimatization phenomena were investigated by Bodar et al. (1990) , who exposed three generations of lab-cultured D. magna to cadmium and observed that organisms developed tolerance to toxic sublethal effects of cadmium, which disappeared within 21 days of return to uncontaminated conditions. Two experimental phases were carried out to address the four objectives defined above. First, the comparison of sensitivity between reference and historically stressed populations to AMD contamination was accomplished with nonacclimated neonates from recently field-collected egg-bearing females. Second, maternal and environmental influences were controlled and the genetic determination of resistance differences was evaluated by exposing laboratory-acclimated individuals to different levels of lethal and sublethal toxicant concentrations.
Materials and methods

Study site
An aquatic system impacted with AMD, from an abandoned copper mine (active from 1868 to 1967), was selected for the development of this study. Though ore exploitation ended more than 30 years ago, continuous oxidation of abandoned mine tailings still produces a highly acidic effluent, contaminated with heavy metals (Fe, Al, Zn, Cu, Mn, Co, Ni, Cd, Pb, Cr, As, in decreasing order) ( Table 1 ). This untreated effluent currently discharges into the Chanc -a River Reservoir within the Guadiana River Basin (Fig. 1) (Pereira et al., , 1999 Ribeiro et al., 1995; Lopes et al., 1999a) . For those water samples that exerted toxic effects (V1, V2, and T6; see below), data on 12 metals, measured by atomic absorbance spectroscopy, from previously collected samples with almost matching conductivity values are presented in Table 1 . Further metal analyses were considered unnecessary as no concentration-effect relationships were intended to be established, but solely the comparison of relative sensitivities between populations.
This aquatic system is highly suited for the study of adaptations occurring in natural populations exposed to (Pereira et al., , 1999 Ribeiro et al., 1995; Lopes et al., 1999a, b) .
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Field populations
Daphnia longispina O.F. Mu¨ller were collected from two reference lakes (Ref1: pH 7.5, 189 mS/cm, dissolved oxygen (DO) 8.7 mg/L; and Ref2: pH 7.61, 193 mS/cm, DO 9.3 mg/L, located upstream from the contaminated area) and two contaminated sites (Cont1: pH 7.1, 209 mS/cm, DO 9.1 mg/L; and Cont2: pH 7.0, 231 mS/ cm, DO 9.4 mg/L, located along the contamination gradient, Cont2 being more impacted than Cont1) (Fig. 1) .
The collection of daphnids followed the procedure described by Lopes et al. (1999b) . Individuals were taken to the laboratory, and, by use of a dissecting microscope, egg-bearing females were transferred to culture beakers filled with 50-mm-filtered site water. Neonates born the day after collection, from fieldcollected females, were used to perform toxicity assays (nonacclimated individuals). The remaining neonates were maintained in the laboratory and acclimated to controlled conditions: 2571 1C with a photoperiod of 14:10 h L:D in American Society for Testing and Materials (ASTM) hardwater medium (ASTM, 2000) , with vitamins and the organic additive Marinure 25 (Baird et al., 1989) , and fed daily with the green algae Pseudokirchneriella subcapitata (Korsˇhikov) Hindak (formerly known as Selenastrum capricornutum Printz) (3 Â 10 5 cells/mL/day). Conductivity (WTW LF92, Brussels, Belgium), pH (WTW 537), and DO (WTW OXI 92) were measured at each sampling site and at the beginning and at the end of each assay.
Toxicity assays
Lethal and sublethal toxicity assays were performed with neonates from the four D. longispina populations under controlled conditions of temperature (2571 1C) and photoperiod (14:10 h L:D). Assays were conducted with acclimated (after at least five generations under laboratory conditions) neonates (6-24 h old), from the third and fourth broods and with nonacclimated neonates, 6-14 h old, from recently field-collected eggbearing females (Weber, 1991) . In lethal assays no food was added, while in sublethal assays individuals were fed daily with P. subcapitata (3 Â 10 5 Cells/mL/day which corresponds to 1.2 Â 10 7 cells/individual), water being renewed every other day. Individuals were exposed to water samples (filtered through a 50-mm mesh) with different degrees of toxicity (this classification was based on the extent of observed effects):
Very toxic waters (V1 to V4)
Lethal toxicity assays (cumulative mortality) were performed with the four populations by exposing nonacclimated and acclimated neonates to strongly AMD-impacted water samples (V1 to V4). Five individuals were introduced simultaneously in 42-mL glass vessels filled with 30 mL of water sample, with four replicates per treatment. Immobilization was checked continuously during the first 15 min, every 3 min from 15 to 30 min, every 5 min from 30 to 120 min, every 15 min from 2 to 6 h, every hour from 6 to 12 h, and at 18, 24, 36, and 48 h (Lopes et al., 1999a Ribeiro et al., 2000) . An assay ended when all the daphnids died or after 168 h of exposure if at least one individual survived for that period. Moderately toxic waters (T7 and T6) Sublethal toxicity assays were performed with the four populations by exposing neonates to moderately AMD-impacted waters (T7 and T6, T7 being the natural water from where the population Cont2 was collected). First, nonacclimated neonates were exposed to the AMD-impacted water sample T7 to compare reproduction between the four populations. Acclimated individuals were also exposed to AMD-impacted waters and to three copper concentrations (15, 30, and 60 mg/L of Cu), added as copper sulfate (supplied by Merck, Darmstadt, Germany), dissolved in nanopure water (80 mg/L) with a magnetic stirrer and then diluted with ASTM. Each individual was introduced in a 42-mL glass vessel filled with 40 mL of water sample. For each treatment 12 replicates were used. Body length (only for acclimated individuals) and reproduction (number of neonates per female) were recorded. Sublethal assays ended when all daphnids released their fourth brood. Table 2 records the pH, conductivity, and DO of the waters used in the toxicity assays: pH ranged from 5.9 to 7.5, conductivity from 190 to 299 mS/cm, and DO from 8.3 to 10.3 mg/L. These parameters exhibited very low variation during toxicity assays. Highest variations registered for pH, conductivity, and DO were 0.1, 3 mS/cm and 0.2 mg/L, respectively.
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Data analysis
Survivorship curves from cumulative mortality assays were analyzed with the Gehan-Wilcoxon w 2 test (Pyke and Thompson, 1986) , and when two samples were to be compared, the Fisher exact test was used (Zar, 1996) . Median lethal time values and respective 95% confidence limits were calculated using probit analysis (Sparks, 2000) . Body length and reproduction were analyzed by ANOVA, with post hoc comparisons using the Tukey HSD test (Zar, 1996) . Whenever heteroscedasticity or nonnormality of data was pronounced, a nonparametric analysis of variance was employed (Kruskal-Wallis) followed by the nonparametric multiple comparison test (Zar, 1996) . Homogeneity between coefficients of variation was analyzed using the Miller and Feltz equation (Zar, 1996) . Median lethal time values were calculated using the program Probit Analysis 2.2 (developed by A. Nogueira, Coimbra, Portugal, unpublished). All other statistics, except CV comparisons, were performed using the program Statistica for Windows 4.3 (StatSoft, Aurora, CO, USA).
Results
Tolerance of reference versus stressed populations
In the first experimental phase, nonacclimated neonates, from recently field-collected females, were exposed to very and moderately toxic water samples with the aim of detecting differences in sensitivity between reference and historically stressed field populations. Assays performed with nonacclimated individuals under starvation revealed that population Cont1 was significantly more resistant to AMD contamination than populations Ref1 and Ref2, when exposed to water sample V1 (Gehan-Wilcoxon test: Po10 À5 , w 2 ð3Þ ¼ 94:8) (Fig. 2) . After 168 h of exposure to the contaminated water, all individuals from populations Ref1 and Ref2 died, while only 40% died in population Cont1. Some of the mortality registered in Ref1 could be due to a higher sensitivity to starvation (6 days). Survival above 80% was observed when individuals from populations Ref1, Ref2, and Cont1 were exposed to the water samples from which each was collected.
At sublethal levels of AMD contamination, with food added, it was found that the reproductive output of the most stressed population (Cont2) was significantly lower than that of other populations, when exposed to their natural waters (one-way ANOVA: Po10 À4 , F ð3; 36Þ ¼ 10:2Þ (Fig. 3) . Water sample T7, which was the natural water of population Cont2, was toxic to all other populations as reproduction of Ref1, Ref2, and Cont1 exposed to T7 was significantly lower than reproduction of these populations when exposed to their natural waters (t tests: Po10 À3 , tð18ÞX3:97). No significant differences were found between the four populations exposed to T7 (one-way ANOVA: P ¼ 0:452; F ð3; 36Þ ¼ 0:90) (Fig. 3) .
When analyzing the variability in reproductive responses between individuals exposed to their natural water and to T7 water, significant changes were observed (Miller and Feltz tests: Po0.01, F(1)47.30); in populations Ref1 and Cont1 the coefficient of Table 2 Conductivity (mS/cm), pH, and dissolved oxygen (DO, mg/L) values of water samples from the S. Domingos abandoned mine (Southeast Portugal) used in toxicity assays V1  V4  V3  V2  T7  T1  T2  T3  T4  T5  T6   Conductivity  293  299  295  290  231  190  198  213  202  218 variation increased and in population Ref2 it decreased (Fig. 3) . Comparing variability in responses between populations exposed to their natural waters, population Cont2 presented a significantly higher variability (Miller and Feltz test: Pp0:001; w 2 ð3Þ ¼ 16:8).
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Environmental influence versus genetic determination
In the second experimental phase, all four populations were acclimated to controlled conditions and exposed to very and moderately toxic waters. This phase aimed to evaluate the degree of genetic determination in resistance differences between reference and stressed populations, and to test the hypothesis that variability in response between those populations would converge from high to low levels of contamination.
Individuals from reference populations (Ref1 and Ref2) exhibited poor survival compared with those from populations Cont1 and Cont2 when exposed to the very toxic water samples V4, V3, and V2 (Gehan-Wilcoxon tests: Po10 À5 , w 2 ð2ÞX37:5; for all water samples tested) (Fig. 4) . No significant differences were observed within the reference populations (Ref1 and Ref2) and within stressed populations (Cont1 and Cont2), in any of the tested waters (six Fisher exact tests: P40.05). Median lethal time values (and respective 95% confidence limits) for populations Ref1, Ref2, Cont1, and Cont2 in the water sample V4 were 1.51 (1.08-2.12), 2.00 (1.67-2.35), 27.2 (15.0-46.5), and 57.2 (34.8-95.7) h, respectively. No significant differences in reproduction were detected among the four populations, after acclimation, in the ASTM medium or when exposed to moderately toxic water samples T1 and T2 (Fig. 5A, Table 3 ), neither being toxic to individuals from any of the four populations (Fig. 5A, Table 4 ). The variability in responses observed in ASTM were significantly lower in population Cont1 relative to the other three (Miller and Feltz test: Po0.025, w 2 ð3Þ ¼ 9:60). Within populations, significant differences in coefficients of variation were observed only for population Cont1 (Miller and Feltz test: Po0.005, w 2 ð2Þ ¼ 14:9). Similarly, a subsequent identical assay, with water samples T3 to T5, revealed no significant differences between populations (Fig. 5B, Table 3 ) or between AMD waters and the respective control (Fig. 5B, Table  4 ). Once again, no differences in reproduction were found between the controls of the four populations (Table 4 ). Contrary to the previous assay, no significant differences were observed between the coefficients of variation of the four populations exposed to ASTM. Significant differences in variability within populations were registered for populations Ref1, Cont1, and Cont2 (Miller and Feltz tests: Po0.005, w 2 ð3Þ ¼ 22:0; 14.5, and 17.1, respectively).
In another assay, water sample T6 presented toxicity to the acclimated individuals from populations Cont2, Ref1, and Ref2 (t tests: Po10 À2 , t(22)o5.10) (Fig. 6 ), though no differences were observed in the reproduction of population Cont1 when exposed to the control and to the T6 sample (t test: P ¼ 0:607; tð22Þ ¼ 3:65). No significant differences were detected between controls (Table 4 ). Significant differences in the relative variability to the mean were detected between populations Comparing these coefficients, for each population, populations Ref2, Cont1, and Cont2 presented a significantly higher variability when exposed to T6 water sample than when exposed to ASTM medium (Miller and Feltz tests: Po0:05; w 2 ð3Þ ¼ 4:42; 5.79, and 3.89, respectively). Assays performed with copper revealed significant differences in reproduction between concentrations but not between the three tested populations (Table 3) (Fig. 7A) . When controls of the three populations were compared, no significant differences were observed (Table 4) . Only for population Ref2, the highest copper concentration was toxic to reproduction, with a significant difference from the respective control (Table  4 ). Significant differences in the body length of control individuals were found between populations, Ref2 individuals being longer than the others (Table 4) . When body lengths were compared, only the highest copper concentration (60 mg/L) was toxic to the three populations (Table 4) , but the two lowest concentrations also exerted toxic effects on population Ref2 (Table 4) (Fig. 7B) . Coefficients of variation presented significant differences when populations exposed to each treatment were compared (control, 15, 30, and w 2 ð2Þ ¼ 4:02). Within populations, opposite results were observed for fecundity and body length. For the former, significant differences between coefficients of variation were found only in population Ref2 (Miller and Feltz: Po0.025, w 2 ð2Þ ¼ 7:82), whereas in body length, significant differences were present in populations Cont1 Table 4 One-way ANOVA for reproduction and body length of females from Ref1, Ref2, Cont1, and Cont2 populations exposed to several AMDcontaminated waters and three copper concentrations (15, 30, and 60 mg/L) 
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Discussion
The quantification of differences in sensitivity to chemical stress among populations living in reference and historically impacted sites was the first goal of this work. Not surprisingly the results obtained by exposing nonacclimated populations to very and moderately toxic water samples showed that individuals from contaminated populations exhibited higher tolerance to lethal levels of contamination than those from reference sites. Similar results were found with other species and other contaminants (Brown, 1978; LeBlanc, 1982; France, 1987; Blanck et al., 1988; Bodar et al., 1990; Holloway et al., 1990; Mu¨nzinger and Monicelli, 1992; Stuhlbacher and Maltby, 1992; Donker et al., 1993; Stuhlbacher et al., 1993; Taylor and Feyereisen, 1996; Devars et al., 1998; Pereira et al., 1999; Spurgeon and Hopkin, 2000) . More interestingly, comparison of results for nonacclimated individuals exposed to lethal (V1) and sublethal (T7) levels of contamination indicated that, although individuals from contaminated populations were less prone to mortality when exposed to contaminated samples than reference populations, all four populations exhibited similar reproductive outputs in moderately toxic waters. A similar result was obtained by Stuhlbacher and Maltby (1992) with the amphipod Gammarus pulex pre-exposed to cadmium and zinc, which exhibited an increased tolerance to lethal levels of those toxicants, but showed similar sensitivity in sublethal assays relative to unstressed individuals.
A second objective was to determine if tolerance differences between historically stressed and reference populations were due only to acclimation or significant alterations in the gene pool of stressed populations had occurred. Here, a lower sensitivity of populations Cont1 and Cont2 to very toxic waters (samples V1 to V2) was observed, both with nonacclimated ( Fig. 2 ; sample V1) and with acclimated ( Fig. 4 ; samples V4, V3, and V2) individuals. This strongly supports the existence of a genetic basis for the observed differences in sensitivity to lethal levels of stress, as these persisted after controlling for maternal and environmental influences through acclimatization (Klerks and Weis, 1987; Lam, 1999) . Differences in sublethal endpoints, among stressed and reference populations exposed to moderately toxic waters, were less evident. Though relevant information on coefficients of variation was gathered, similar reproductive outputs in all four populations were observed after exposure to samples T7 to T5 (Figs. 3  and 5 ). Further supporting evidence for genetically determined differences in resistance to sublethal levels of metal contamination was obtained when individuals were exposed to copper solutions of 60 mg/L (reproduction) and 15 and 30 mg/L (body length), where historically stressed populations were significantly more resistant than the reference population. Although the results are consistent with the microevolutionary hypothesis, i.e., contaminated populations have evolved and thus there has been a shift in the gene pool relative to founder (reference) populations, it is not possible to conclude if this took place through the elimination of sensitive individuals (genetic erosion) or through the spread of new genes (through mutation) or new genotypes (through sexual recombination).
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The comparison of resistance differences between reference and stressed populations at lethal (very toxic waters) and sublethal (moderately toxic waters) levels of contamination, which was the third main objective of this study, corroborated the convergence hypothesis, i.e., that genetically determined responses converge from lethal to sublethal toxicant exposures. Similarly to the study of D. magna clones by Barata et al. (2000) , increased differences in sensitivity to lethal levels of contamination between reference and stressed populations were associated with higher toxicity, most obviously with the exposure to the V4 water sample (Fig. 4A) , where stressed populations began to suffer lethal effects only after all reference individuals had perished. On exposure to V3 (Fig. 4B ) (less toxic than V4), there occurred a clear time overlap of lethal responses among reference and contaminated populations: almost 20% of mortality in stressed populations was already recorded when the most resistant reference individuals died. A much more intense overlap occurred with an even less toxic water sample (Fig. 4C , sample V2). As previously explained, resistance differences between populations were even less intense at sublethal levels of exposure (Figs. 6 and 7) , which also corroborated the convergence hypothesis.
Many workers have reported a loss of genetic variability in resistant populations. Nordal et al. (1999) reported that the copper-tolerant plant Lychnis alpina (Caryophyllaceae) presented a lower genetic variability than nonresistant populations, suggesting the occurrence of founder effect processes. However, the opposite has also been observed (Bijlsma and Loeschcke, 1997) . In the present work, a clear tendency in terms of either an increase or a decrease in variability was not observed, although whenever significant differences existed between the control and the contaminated water, an increase in variability was also noted. Two exceptions occurred: the reproductive output in the nonacclimated population Ref2 (Fig. 3) and body length in population Cont2 (Fig. 7) , where variability decreased with increasing stress.
Conclusion
This study enlarges the examples of naturally occurring populations that have developed tolerance to contaminants following long-term exposures (i.e., decades). It goes further by providing evidence for the existence of genetically determined resistance; i.e., if the stress disappears the populations maintain resistance to that specific contaminant. This is important information when planning risk assessment studies where natural populations can be used to perform toxicity assays, as they can remain resistant to specific contaminants from past exposure events.
